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While organisms are typically considered permanent residents of a community, many transient organisms occupy a
community for only brief periods. Despite the duration, the effects of a short visit by a top predator may remain long
after departure. To test hypotheses on the impacts of a short-term visit by a top predator on pond communities, we
used artificial ponds and constructed food web treatments that varied in trophic structure (Control Food Web ¼ no
predators present, Bluegill Food Web¼only intermediate predators present, and Full Food Web¼ top and intermediate
predators present). The constructed food webs were replicated five times and contained two prey species (frog
tadpoles), an intermediate predator (fish), and one top predator (freshwater turtle). The Full Food Web simulated a
four-day visit by Chelydra serpentina (Common Snapping Turtle). Predation by Lepomis macrochirus (Bluegill) reduced
mean tadpole survival for Hyla chrysoscelis (Cope’s Gray Tree Frog) in all food webs, including the Full Food Web with C.
serpentina, compared to the Control Food Web. Although C. serpentina had no effects on tadpoles of H. chrysoscelis, the
top predator reduced mean survival and increased mean mass of Rana sphenocephala (Southern Leopard Frog) when
compared to the Bluegill Food Web. Therefore, our results suggest that brief visits from transient organisms, especially
top predators, can alter community structure and initiate cascading effects.

P
REDATORS can significantly shape the structure of
food webs via top-down effects such as consuming
prey and thereby reducing prey abundance and by

altering prey behavior and distribution (Sih et al., 1985).
While predators can be permanent residents of a community,
there can be variation in predator residency which can lead
to transient states (i.e., predator presence for only a brief
period such as days or months) within communities (Hein
and Gillooly, 2011; Burkholder et al., 2013). Despite the lack
of residency and short duration, transient visits by predators
may have strong effects that remain long after their departure
(i.e., legacy effects; Cuddington, 2011; Nuttle et al., 2011).
For example, the brief addition of Mole Salamander (Amby-
stoma talpoideum) larvae for 30 days in experimental ponds
changed the species composition of zooplankton communi-
ties relative to no-salamander controls (Rudolf and Van Allen,
2017). Thus, the effects of predators can span across both
spatial and temporal scales (Schmitz et al., 2017).

Top predators exert strong top-down effects on ecological
communities and play a vital role in how food webs are
structured (Paine, 1966; Schmitz et al., 2000; Morris and
Letnic, 2017). By definition top predators have the potential
for strong effects both spatially and temporally: they
consume other predators (asymmetrical intraguild predation;
Polis et al., 1989), have large home ranges or territories in
comparison to mesopredators (Blanchad and Knight, 1991;
Ferreira et al., 2015), and tend to create fear-based behavioral
responses across larger spatial scales (Hammerschlag et al.,
2015; Lyly et al., 2015). However, top predators have been in
decline globally, largely due to overexploitation and habitat
fragmentation, and conservation research has shifted to
understand how the absence of top predators may alter
ecological communities (Estes et al., 2011; Burkholder et al.,
2013). For example, the loss of large predator sharks in the
Atlantic Ocean has been associated with an increase in
mesopredators, Cownose Rays (Rhinoptera bonasus; Myers et
al., 2007). Consequently, Cownose Rays eliminate Bay

Scallop (Argopecten irradians) populations thus providing
support for a trophic cascade and community rearrangement
(Heithaus et al., 2008). Therefore, the top-down effects of top
predators have been established as important in ecological
communities; however, most top predator studies have
overlooked the possibility of transient effects.

Turtles can be top predators and often occupy vital roles in
healthy ecosystems (Lovich et al., 2018). For example, Green
Turtles (Chelonia mydas) directly influence nutrient cycling
times and alter physical structure of seagrass beds (Thalassia
testudinum), as well as indirectly change coral reef diversity
through sponge predation (Zieman et al., 1984; Williams,
1988). However, sea turtle ecological roles in marine systems
have greatly diminished due to global overexploitation
(Bjorndal and Jackson, 2003). In terrestrial and freshwater
systems, turtles are underrepresented taxa in ecological
studies defining ecosystem roles (e.g., food webs) when
compared to other taxa (Iverson, 1982; Lindsay et al., 2013;
Aresco et al., 2015). For example, freshwater turtles can
occupy a variety of trophic levels (e.g., predator, prey, and
scavenger) and contribute a disproportionate portion of an
ecosystem’s overall biomass relative to other ectotherms and
endotherms (Iverson, 1982). Some of the largest known
freshwater turtles, such as snapping turtles (Chelydridae), are
long-lived species with high adult survivorship that often
occupy the highest trophic level (i.e., top predator) in their
respective communities (Steyermark et al., 2008). While
freshwater turtles have the potential for vast direct and
indirect effects in freshwater systems (Gomez-Mestre and
Keller, 2003), little to no experimental data currently exist.
Due to the declines of turtles worldwide and their potential
importance in ecological communities, it has never been
more critical to evaluate their top down effects in food webs
(Lovich et al., 2018; Gibbons and Lovich, 2019).

In order to investigate the potential effects of a short-term
visit by a top predator on tadpole prey (Cope’s Gray Tree
Frog, Hyla chrysoscelis, and the Southern Leopard Frog, Rana
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sphenocephala) in freshwater communities, we constructed
multiple experimental food webs that varied in complexity
(Fig. 1). We varied the food webs by including or excluding
intermediate predator species (Bluegill, Lepomis macrochirus;
Red Swamp Crayfish, Procambarus clarkii) and a top predator
(Common Snapping Turtle, Chelydra serpentina). Lepomis
macrochirus are intermediate predators in our system that
are voracious predators of hylid tadpoles (Smith et al., 1999),
but they are gape limited which prevents the consumption of
larger tadpoles (Smith et al., 1999; Shearman and Maglia,
2015; Davenport et al., 2017). We predicted that mortality of
tadpole prey would be greater in food webs with predators
compared to prey-only food webs due to predation. We also
expected the mortality of larger tadpoles to be lower in the
food webs containing only Bluegill because of gape limita-
tions. We also predicted that the Full Food Web, which
included the short-term visit by C. serpentina, would have the
highest mortality of tadpoles due consumption by multiple
predators. Finally, we predicted that the top predator visit
would reduce intermediate predator survival via consump-
tion.

MATERIALS AND METHODS

Study system.—Chelydra serpentina is a large freshwater turtle
considered a top predator in most freshwater communities
(Steyermark et al., 2008). It is one of the most widely
distributed freshwater turtles in North America ranging from
Nova Scotia to Florida and reaching as far west as New
Mexico and northern Montana (Steyermark et al., 2008).
Chelydra serpentina is also considered a transitory predator
because it has: i) a home range size of between 0.16 km to 2.5
km (Obbard and Brooks, 1981; McLane, 2015) with nesting
movements exceeding 15.0 km (Obbard and Brooks, 1980)
and ii) been documented to make frequent overland
movements in search of new habitat for reproductive
purposes or because of drought (Steyermark et al., 2008;
Ernst and Lovich, 2009). For example, C. serpentina has been
recorded making overland trips as far as one kilometer
(Obbard and Brooks, 1981). Snapping Turtles can function as

top predators in ponds (Steyermark et al., 2008) and are
known to have lasting effects that modify the dynamics of
some pond ecosystems (Wilbur, 1997). Indeed, a two-week
visit by C. serpentina affected the phytoplankton in one
experimental pond for months (Wilbur, 1997). The mecha-
nism for the changes in phytoplankton was unknown, but
could include several different pathways such as differential
predation on herbivores (tadpoles) or indirect nutrient
additions via excretion. Chelydra serpentina is known to
consume a wide variety of prey items; however, the most
common items include fishes and amphibians (Ernst and
Lovich, 2009).

The intermediate predators within our food webs include
Lepomis macrochirus and Procambarus clarkii. Lepomis macro-
chirus is a wide-ranging species occupying most of eastern
North America (Page, 1991). The food habits of L. macrochirus
are highly variable, but early-life stages consume zooplank-
ton until they are large enough to consume insects, small
fishes, or tadpoles (Smith et al., 1999; Olson et al., 2003).
Procambarus clarkii is a wide-ranging species of crayfish that
has the ability to adapt to a large number of habitats (Otero
et al., 2004). This crayfish is an aggressive species native to
the south-central United States and northeast Mexico
(Gherardi, 2006) and is capable of consuming numerous
food sources including mollusks, insects, tadpoles, detritius,
and small fishes (Pérez-Bote, 2004). Both L. macrochirus and
Procambarus can be prey for C. serpentina (Alexander, 1943),
can be very resilient to environmental changes, and can be
invasive species outside of their geographic range (Page,
1991; Gherardi, 2006; Kawamura et al., 2006).

Hyla chrysoscelis and Rana sphenocephala are two frog
species that reproduce in a variety of pond habitats and that
commonly co-occur. Rana sphenocephala can oviposit several
hundred to thousands of eggs in a single clutch (Dodd,
2013). Hyla chrysoscelis is also capable of ovipositing up to
1,000 eggs in a single clutch (Dodd, 2013). Hyla chrysoscelis
and R. sphenocephala typically breed in the same ponds;
however, to avoid competition, H. chrysoscelis will lay eggs
one to two months later than R. sphenocephala (Wilbur and
Alford, 1985). In a previous study, H. chrysoscelis had a higher
survival rate in ponds uninhabited by R. sphenocephala,
leading Wilbur and Alford (1985) to conclude that R.
sphenocephala was a superior competitor when compared to
H. chrysoscelis.

Field methods.—The egg masses of H. chrysoscelis were
oviposited in artificial ponds on the Southeast Missouri State
University (SEMO) campus, and 6,250 newly hatched
tadpoles were collected for use in this experiment on 6 July
2016. A total of 100 adult P. clarkii (mean mass 6 1 SD ¼
14.6862.32 g) were purchased in Denham Springs, Louisiana
on 10 July and transported to Missouri. On 14 July, hoop nets
and minnow traps were deployed at Kelso Wildlife Sanctuary
in Cape Girardeau, Missouri. After capturing five C. serpentina
and 60 L. macrochirus, all traps from Kelso Wildlife Sanctuary
were pulled on 16 July. The size range of captured C.
serpentina was between 2.75 kg to 4.00 kg (3.3560.49 kg),
and the captured L. macrochirus ranged from 0.35 g to 2.03 g
(0.78360.41 g). All L. macrochirus for the experiment were
size matched within an artificial pond to prevent any
potential variation in size-structured interactions and ran-
domized to spatial blocks based on sizes. On 19 July, 200
tadpoles of R. sphenocephala (Gosner stages 26–28 with a

Fig. 1. Diagram of experimental food webs. In each food web, the
following abbreviations stand for: R. sphenocephala ¼ Rana spheno-
cephala; H. chrysoscelis¼ Hyla chrysoscelis; L. macrochirus¼ Lepomis
macrochirus; and C. serpentina¼Chelydra serpentina. The solid arrows
represent the feeding relationships within each food web. The following
food webs are represented: (A) control, (B) Bluegill, and (C) Full Food
Web (all predators present). Trophic complexity increases as additional
predators are added, ending with the most complex, or ‘‘full’’ food web.
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mean mass of 1.5960.38 g) were collected from Maintz
Wildlife Preserve in Cape Girardeau County, Missouri by
seining and dip netting. All organisms were transported to
SEMO on the same day that they were collected, where they
were maintained in holding tanks (or individual containers
for some predators) until the start of the experiment.

Experimental methods.—We used artificial ponds to construct
three different food webs. These artificial ponds were
polyurethane cattle tanks (1100 L, 1.52 m diameter) that
were placed in five spatial blocks (three initial food webs
replicated across five spatial blocks for a total of 15
experimental units) on a concrete pad at the SEMO campus.
These artificial ponds were filled with approximately 1,100
liters of tap water on 13 and 14 July. After all artificial ponds
were filled; the water was treated with ammonia remover
(Kordon� Amquel�, Hayward, CA) to remove chloramine
that can potentially be harmful to aquatic organisms. Each
artificial pond was given 1 kg of dried leaf litter (Quercus) and
1,000 ml of zooplankton and phytoplankton inoculations
from local ponds on 15 July. In order to provide an additional
form of refuge for organisms other than the leaf litter, each
tank received one PVC pipe that was 5.08 mm in diameter
and 10.16 mm in length. These pipes were randomly placed
in all of the artificial ponds. Introduction of organisms began
four days (19 July) after the leaf litter and pond inoculations
were placed into the artificial ponds.

The following three initial food webs were randomly
assigned to a replicate in each block for this experiment: 1)
the Control Food Web with 170 tadpoles of H. chrysoscelis
and eight tadpoles of R. sphenocephala only (Fig. 1A), 2) the
Bluegill Food Web with the tadpole prey and four L.
macrochirus (Fig. 1B), and 3) the Full Food Web with tadpole
prey, five P. clarkii, four L. macrochirus, and one C. serpentina
introduced into the artificial pond for the initial four days
(Fig. 1C). Unfortunately, we could not estimate the effects of
P. clarkii in any food webs due to unexpected high mortality
(.90%) of all crayfish within 48 hours of initiating the
experiment. All carcasses of P. clarkii were removed immedi-
ately upon discovery and not replaced. The remaining
individuals of P. clarkii that survived the initiation of the
experiment were removed within 72 hours from all remain-
ing food webs and euthanized. Justification for the densities
of all study organisms is based on local field work or
published literature (Semlitsch, 1987; Boone et al., 2004;
Resetarits et al., 2004; Davenport and Chalcraft, 2012;
Ficetola et al., 2012; Hernandez and Chalcraft, 2012;
Davenport et al., 2017). For example, many overwintered
Rana are capable of metamorphosing in one season but some
can stay in pond to gain a competitive advantage over larval
amphibians deposited in the spring (Boone et al., 2004).
Generally, overwintered densities of Rana are lower than
spring densities of Rana because the majority of tadpoles
have metamorphosed the previous spring (Hernandez and
Chalcraft, 2012). All food webs, pond assignments, and
organisms were randomized with each of the food webs
replicated in one of five spatial blocks. All organisms were
placed into the artificial ponds on 20 July, with the exception
of the R. sphenocephala, which were placed into the artificial
ponds before sunset on 19 July. We allowed a minimum of
two hours to pass between each introduction of additional
organisms. Predators were added to appropriate food webs,
after all tadpoles had been added, in the following order: L.

macrochirus, P. clarkii, and C. serpentina. After four days of
simulating a short-term visit, all C. serpentina were removed
from the artificial ponds and returned to Kelso Wildlife
Sanctuary.

To allow natural colonization of prey, we left the ponds
uncovered for the duration of the experiment. The artificial
ponds were checked daily for frog metamorphs, invertebrate
colonization, and deposited egg masses of H. chryoscelis. Any
laid egg masses of H. chryoscelis were removed within 12
hours of detection (n ¼ 5 artificial ponds). All metamorphs
with forelimb emergence were removed from the artificial
ponds and transported immediately to the laboratory. Once
in the lab, metamorphs were checked daily until complete
tail resorption. After tails had been completely reabsorbed,
we quantified mass at metamorphosis by removing excess
water from the animal’s body surface before weighing (g)
each individual. Mass at metamorphosis is known to be an
effective predictor of adult reproductive success in amphib-
ians (Semlitsch et al., 1988; Berven, 1990; Scott, 1994). After
49 days, the experiment was terminated after no metamorph
had emerged for three consecutive days. Upon termination
of the experiment, all artificial ponds were slowly drained
and carefully inspected for any surviving organisms. The
survival data for all food webs was the total number of
individuals at the end of the experiment. Surviving H.
chrysoscelis, L. macrochirus, and R. sphenocephala were mea-
sured and returned to their respective collection sites.

Statistical analysis.—All statistical analyses were performed
using the program R (R Core Team, 2018) with a ¼ 0.05. All
response variables (survival, mass at metamorphosis) were
compared using generalized linear mixed-effect models
(GLMM) (glmer function in lme4 package, Bates et al., 2015)
with Type 3 sum of squares (Anova function in car package,
Fox and Weisberg, 2019). Survival data (i.e., counts) were
analyzed using a Poisson distribution, while mass at
metamorphosis was analyzed using a Gaussian distributi
on. For each species (H. chrysoscelis, L. macrochirus, and R.
sphenocephala), we ran individual GLMMs for the appropriate
response variables (survival, mass at metamorphosis) using
food web (treatment effect) as our fixed effect. These
individual models allowed us to assess if there were survival
and mass differences associated with the various food web
compositions and identify any cascading effects by the top
predator—C. serpentina—because each food web treatment
represented a different complexity from no predators (i.e.,
top or intermediate), intermediate predator only, and Full
Food Web (i.e., both predators). To account for spatial block
effects, a block term was included as a random effect. During
the experiment, dragonflies from the family Libellulidae
oviposited into some of the artificial ponds. Therefore, we
included the number of larval dragonflies per artificial pond
as a random effect in all analyses. If the treatment effect in
the GLMM was statistically significant, then a post hoc test
(i.e., Tukey with Bonferroni-Holm correction for multiple
comparisons) was performed (glht function in multcomp
package, Hothorn et al., 2008).

RESULTS

Predators.—Survival of L. macrochirus did not differ among
treatments (v2 ¼ 0.670, df ¼ 1, P ¼ 0.187). All five Chelydra
serpentina survived the duration of their visit.
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Cope’s Gray Tree Frog (Hyla chrysoscelis).—There was a
significant difference in the mean survival of tadpoles of H.
chrysoscelis among food webs (v2¼ 69.296, df¼ 2, P , 0.001;
Fig. 2). Post hoc comparisons for survival indicated that
Control Food Webs were significantly higher (Z¼ 5.35–6.60;
P , 0.001) than all other food webs with 10.59% survival.
Survival was lowest in the Bluegill Food Web (0.24%) and the
Full Food Web (0.94%). Survival across all treatments was too
low to evaluate growth or larval period among treatments.

Southern Leopard Frog (Rana sphenocephala).—Mean surviv-
al of tadpoloes of R. sphenocephala differed among food webs
(v2 ¼ 9.105, df ¼ 2, P ¼ 0.011; Fig. 3). Post hoc comparisons
indicated there was a significant (Z ¼ –3.74, P , 0.001)
reduction in the mean survival of tadpoles of R. sphenoce-
phala in the Full Food Web when compared to the Bluegill
Food Web. There was no significant difference in mean
survival of R. sphenocephala between the Control Food Web
and the Full Food Web. There was a significant difference in
mean mass of R. sphenocephala among the food webs (v2 ¼
24.863, df ¼ 2, P , 0.001; Fig. 4). Post hoc comparisons
indicated there were significant (Z ¼ –3.50–4.58; P , 0.001)
differences between the Full Food Web and all other food
webs with metamorphs from Full Food Webs emerging
significantly larger than all other food webs with a mean
mass of 3.26 g (61 SD ¼ 0.368). The metamorphs from the

Bluegill Food Web and Control Food Web followed with a
mean mass of 2.20 g (61 SD ¼ 0.229) and 2.16 g (61 SD ¼
0.828), respectively.

DISCUSSION

Our research demonstrates that brief visits from predator
species, especially top predators, can alter experimental food
webs. The four-day visit by C. serpentina that we emulated
caused a statistically significant reduction in the survival of
larger primary consumer (R. sphenocephala) in our experi-
mental food webs. With or without turtles, L. macrochirus was
the main predator species reducing the abundance of
tadpoles of H. chrysoscelis (Fig. 2), while having little effect
on survival and mass of R. sphenocephala (Figs. 3, 4). Both of
these results were expected because: 1) the presence of L.
macrochirus reduced the survival rate of H. versicolor, a species
closely related to H. chrysoscelis, in another study (Smith et
al., 1999), and 2) L. macrochirus is gape limited and cannot
consume the larger tadpoles of R. sphenocephala (Werner and
Hall, 1974; Smith et al., 1999; Shearman and Maglia, 2015;
Davenport et al., 2017). Lepomis can cause non-lethal injuries
in tadpole prey (Figiel and Semlitsch, 1991; Schulse and
Semlitsch, 2014), and we cannot know if this occurred in our
study. However, when C. serpentina was included into the
food web, the community dynamic shifted and survival of R.
sphenocephala was significantly lowered, but mean mass of
surviving tadpoles of R. sphenocephala increased significantly
(Fig. 4). This increase in mass at metamorphosis is likely due
to thinning effects, which alleviate the strength of compe-
tition among surviving tadpoles by freeing up resources
(Davenport and Chalcraft, 2012; Anderson and Semlitsch,
2014).

Although the reduction in density of tadpoles of R.
sphenocephala by top predators does decrease overall compe-
tition among species, this effect appears only to be
intraspecific and did not influence H. chrysoscelis. The less
than 100% survival of both tadpole species in Control Food
Webs could indicate the effects of interspecific competition
for food resources (Wilbur, 1997; Smith and Burgett, 2012).
However, we cannot evaluate the competitive effects of each
species on one another without food webs with each tadpole
species alone. It is unlikely that any dragonflies that
colonized our experiment had a significant effect on any
tadpole survival due to their small size and late arrival into
the systems. It is possible that they served as an alternate prey

Fig. 2. Mean survival to metamorphosis of Cope’s Gray Tree Frog (Hyla
chrysoscelis) metamorphs among our three food webs. Error bars
represent 61 standard error. Letters above bars indicate statistical
differences in food webs.

Fig. 3. Mean survival to metamorphosis of Southern Leopard Frog
(Rana sphenocephala) metamorphs among our three food webs. Error
bars represent 61 standard error. Letters above bars indicate statistical
differences in food webs.

Fig. 4. Mean (dry) mass of Southern Leopard Frog (Rana sphenoce-
phala) among our three food webs. Error bars represent 61 standard
error. Letters above bars indicate statistical differences in food webs.
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for Bluegill in some food webs. However, we cannot fully
evaluate their role as prey, and future research should cover
experimental ponds to prevent oviposition by dragonflies
and hylid treefrogs.

Previous work suggests that turtles have the capability of
changing the way an ecosystem functions by altering
ecological factors such as pH, leaf litter decomposition rates,
and the abundances of invertebrates (Lindsay et al., 2013).
After removing C. serpentina, visual observations of the Full
Food Webs showed more algal growth and the clarity of the
water was minimal. This effect occurred very rapidly and
points to the strong top-down control of the top predator,
although we cannot fully eliminate the possibility of bottom-
up effects through nutrient input from the top predator or
the combination of both. While we did not measure primary
productivity in our study, we did note higher algal growth in
ponds with fewer tadpoles of R. sphenocephala. Thus, our
current data do not allow us to test any potential predator-
driven nutrient recycling as detected in other studies (Stav et
al., 2000).

We did not detect any intraguild interactions (IGP)
between predators. Chelydra serpentina had no effect on the
survival of L. macrochirus. There are several possible reasons
for this result. First, L. macrochirus is a more elusive prey item,
and C. serpentina selectively chose tadpoloes of R. sphenoce-
phala in order to optimize net energy intake. Optimal
foraging theory predicts that an organism will attempt to
maximize their net energy gained per unit of time in most
cases (Emlen, 1966). The time and energy spent trying to
consume L. macrochirus may not be worth the energy
expenditure when another prey item (Rana sphenocephala)
is readily available. It is possible that the swimming
performance (e.g., burst speeds) of L. macrochirus is higher
than both R. sphenocephala and H. chrysoscelis (Cathcart et al.,
2017). The faster bursting speed allows an organism to evade
predators more often than individuals without such a high
speed (Wassersug and Hoff, 1985; Dayton et al., 2005).
Chelydra serpentina may not be an effective predator of L.
macrochirus because it is an ambush predator and has to wait
for L. macrochirus to slow down and come close enough for
consumption. Second, L. macrochirus and C. serpentina rarely
occupied the same space within our artificial ponds. For
example, anecdotal observations within artificial ponds
demonstrated that L. macrochirus spent the majority of the
experiment occupying shallower depths (i.e., surface), while
C. serpentina predominantly stayed at benthic depths. It is
possible that L. macrochirus behaviorally shifted habitat use
to avoid interacting with C. serpentina. Third, it is possible
that C. serpentina became satiated on tadpoles of R.
sphenocephala during the initial four days of the experiment.
Nearly half (49.5%) of the tadpoles of R. sphenocephala that
were in the Full Food Web did not survive to metamorphosis,
and it is possible that C. serpentina consumed these
individuals and were no longer interested in consuming
any of the other organisms. It is possible that a longer visit by
the top predator could lead to higher encounter rates with
intermediate predators and more IGP interactions.

Freshwater turtles can play a large role within freshwater
ecosystems (Iverson, 1982; Lovich et al., 2018); however,
they are generally overlooked or understudied in terms of
food web dynamics (Lindsay et al., 2013; Aresco et al., 2015).
Due to the life-history of many turtles (e.g., longevity, slow
maturation, low fecundity), it is often more practical to study

other organisms, such as macroinvertebrates, fishes, and
amphibians, when focused on freshwater food web dynamics
(Tinkle, 1979). Therefore, very few experimental studies
explicitly test for the top-down effects of turtle predators,
and most studies conducted on turtles rely on in situ
observations. In our experiment, C. serpentina could remove
a larger tadpole thus potentially resetting the competitive
hierarchy of grazers within freshwater ponds. This finding
only reinforces that some turtles undoubtedly have strong
effects in food webs due to their high biomass within a
community (Iverson, 1982; Congdon et al., 1986; Lovich et
al., 2018) and occupation of multiple trophic levels (e.g.,
predator, prey, scavenger).

Our study also reinforces the need for more work with C.
serpentina. While this research focused on the direct effects of
a short-term visit by only one common turtle species, future
work should consider altering the duration of a turtle
predator visit over a longer window. This would allow further
evaluation of transient versus prolonged effects of a turtle
predator visit on pond food webs. In addition, our study only
focuses on the direct effects of turtle predation on a pond
food web and does not consider any indirect effects. For
example, excretion by C. serpentina has the possibility to
‘‘fertilize’’ ponds thus increasing primary productivity for
herbivores (zooplankton, tadpoles, etc.) in the system. This
could indirectly alter prey community structure by providing
nutrients and reducing competitive interactions among
herbivores. Finally, many pond communities support multi-
ple species at any given time so these effects may be more
common and complex than previously thought (i.e., pond
predator diversity varying relative to hydroperiod; Wellborn
et al., 1996). Therefore, it is especially pivotal to expand this
work to also consider other prey and turtle species because
the loss of turtles in many ecosystems, due to overexploita-
tion and habitat loss, may cause changes that have the
capability to be far reaching (Turtle Taxonomy Working
Group, 2017; Lovich et al., 2018).

This study reinforces the potential importance of turtles as
top predators in pond food webs. Indeed, even short visits by
turtles have the potential to restructure food webs (Wilbur,
1997). As turtles and other top predators are in decline
throughout the globe (Estes et al., 2011), it is more
imperative than ever that current research addresses how
the how the loss of these species could affect communities
and ecosystems. Future experiments, similar to this one,
could evaluate how other turtle species affect pond food webs
because our current study only provides a glimpse of their
potential effects. For example, we know very little of their
impacts on pond ecosystem functions (e.g. decomposition,
productivity and respiration, primary producer biomass)
despite the astounding abundance and biomass of turtles in
aquatic ecosystems (Lovich et al., 2018). This information
will be crucial to future conservation efforts making
recommendations for management opportunities.
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